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Abstract

We present a detailed study of the biogeochemical factors controlling mercury (Hg) distribution,
methylmercury (MeHg) production, and MeHg efflux in sediments of the mid-Atlantic continental shelf and
slope. The mildly reduced surface sediments of the shelf and slope provide ideal conditions for MeHg production.
They are sufficiently reduced to support microbial sulfate reduction, but contain very low dissolved sulfide
concentrations. The redox zonation of sediments determined the depth distribution of MeHg production, whereas
the bioavailability of inorganic Hg for methylation appeared to be the dominant driver of spatial patterns across
the shelf and slope. Sediment total Hg concentrations were well predicted by sediment organic matter (SOM)
content, with the highest concentrations of Hg and MeHg in the fine-grained organic clays of the slope. However,
SOM-normalized Hg concentrations decreased with distance from shore. The changing character of organic
matter with distance from shore appeared to affect Hg partitioning and bioavailability for methylation. The
percentage of Hg in sediments as MeHg was well predicted by measured methylation rates, but not by
demethylation rates. On the basis of measured concentrations in bottom waters and surficial pore waters, the
average diffusive efflux of Hg(Il) and MeHg from sediments to coastal waters was estimated to be 26 and
0.8 pmol m—2 d—1, respectively. Extrapolated globally, the diffusive input of MeHg from shelf and slope
sediments is estimated to be 0.01 Mmol per year. As the actual fluxes can be substantially higher than diffusive

fluxes, we suggest that shelf and upper slope sediments are a major source of MeHg to the coastal ocean.

With the marine fisheries contributing more than two
thirds to the global fish catch (FAO 2008), it is not
surprising that marine and estuarine seafood are the main
risk drivers for methylmercury (MeHg) exposure to people
(Sunderland 2007; FAO 2008). However, the sources and
sinks of Hg and especially MeHg in the oceans and coastal
zones remain poorly understood. To better assess risk and
better understand how MeHg levels in marine systems
might respond to changing Hg loads to the oceans, we
studied one of the largest potential sources of MeHg to the
coastal zone, de novo MeHg production in continental
shelf and slope sediments. Our study system was the mid-
Atlantic continental shelf, from about 36° to 38°N, off of
Delaware, Maryland, and North Carolina.

Coastal zones and marine surface waters are heavily
affected by anthropogenic Hg loads. Sunderland and
Mason (2007) estimate that worldwide, surface oceans
have been anthropogenically enriched globally by about
25%, and by more than 60% in parts of the Atlantic. An
examination of Hg concentrations in the northern Pacific
through time suggests that Hg concentrations will double in
the surface ocean by the year 2050 at current deposition
rates (Sunderland et al. 2009). Thus there is an expectation
that MeHg levels in marine fish are elevated in response to
increased marine Hg loading, and could decline in time if
anthropogenic sources are controlled. MeHg is the Hg
species of main concern because of its bioamplification and
toxicity (Mergler et al. 2007).

Methylmercury concentrations in aquatic systems are
controlled by the balance of methylation and demethyla-
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tion rates, the bioavailability of Hg and MeHg for
transformation, and exchanges between compartments
(Munthe et al. 2007). The relative importance of external
and internal sources of MeHg has not been quantified for
either coastal or open ocean systems. In the coastal zone,
major external MeHg sources may include riverine and
coastal inputs, atmospheric input (Mason and Benoit
2003), and groundwater inputs (Black et al. 2009). Potential
sites of in situ net MeHg production in the coastal zone
include production in both the water column and in
sediments. Budgets for the Chesapeake (Mason et al. 1999)
and one of its subestuaries (Benoit et al. 1998) and for Long
Island Sound (Hammerschmidt et al. 2004) suggest that
MeHg flux from bottom sediments in these systems exceeds
external inputs.

The amount of net MeHg production in the water
column remains difficult to assess, although there is
increasing evidence for low rates of MeHg production in
marine waters at depths of high heterotrophic organic
matter remineralization (Monperrus et al. 2007a; Cossa et
al. 2009; Sunderland et al. 2009), or lower oxygen
concentrations (Kirk et al. 2008). Anoxic coastal bottom
waters in eutrophic waters (“‘dead zones™) are another
likely source of water-column MeHg production in some
coastal zones (C. Gilmour, A. Heyes, and J. Schijf unpubl.)

There is growing evidence of the importance of
sediments as sources of MeHg to coastal systems. Although
the paradigm of sulfide inhibition of methylation led to the
expectation of low net MeHg production in often sulfidic
saline sediments, methylation rate constants similar to
those observed in freshwater sediments have been measured
in estuarine sediments in Chesapeake Bay (Benoit et al.
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Fig. 1. Location of stations sampled in the mid-Atlantic

continental shelf (open circles) and slope (filled circles) during
April 2006. Bathymetry contours are every 500 m.

1998; Heyes et al. 2006; Hollweg et al. 2009), in Long Island
Sound and New York Harbor (Hammerschmidt and
Fitzgerald 2004; Hammerschmidt et al. 2008), in the Bay
of Fundy (Sunderland et al. 2006), and the Mediterranean
Sea (Monperrus et al. 2007b); and in open marine
sediments of the southern New England shelf (Hammer-
schmidt and Fitzgerald 2006), the Mediterranecan Sea
(Ogrinc et al. 2007), and the mid-Atlantic continental
margin (Hollweg et al. 2009). The fraction of total Hg as
MeHg in estuarine and marine surface sediments seems to
generally average between 0.5% and 2%.

Although MeHg concentrations and production rate
constants are negatively correlated with pore-water sulfide
in estuarine sediments (Benoit et al. 1999; Hammerschmidt
et al. 2008; Hollweg et al. 2009), many saline sediments
have a surface layer that is anoxic, but with little or no (low
micromolar) dissolved sulfide, above the deeper, more
sulfidic zones. These zones often support high levels of
microbial sulfate or iron-reducing activity. Physical mixing
(Sunderland et al. 2004) and bioturbation of bottom
sediments (Benoit et al. 2009), as well as plants in tidal
marshes (Mitchell and Gilmour 2008), can also generate
anoxic, low-sulfide zones where MeHg production is
favored in saline sediments and soils.

Here we explore in detail MeHg distribution, production,
and biogeochemistry in sediments of the mid-Atlantic
continental margin. This study expands our previous work
on mid-Atlantic shelf and slope sediments to include a larger
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spatial scale and a broader range of sediment characteristics.
We also estimate the diffusive flux of MeHg from sediments
to the coastal ocean, and assess the importance of these
sediments in the global ocean MeHg budget.

Methods

Field sampling—From 07 to 16 July 2006, 11 sites on the
mid-Atlantic continental margin were visited on board the
RV Cape Hatteras. Detailed biogeochemical analyses were
performed in the water column and surface sediment
(upper 4 cm), primarily focusing on the effects of Fe, S,
and C cycling on net MeHg production. These sites covered
a broad range of water depths and sediment bottom types
(Fig. 1, Table 1). Three of these sites were sampled during
four previous cruises (April 2006 and May, July, and
September 2005; Hollweg et al. 2009).

Bottom water was sampled ~ 1 m above the sediment
surface at Sta. 6, 7, 9, 10, 12, and 14, following clean
techniques outlined in Gill and Fitzgerald (1985). Water was
collected using acid-washed and deionized (DI) rinsed
General Oceanics Go-Flo sampling bottles with Teflon-
coated messengers deployed from a Kevlar line. Go-Flo
sampling bottles were bagged on deck, taken into a self-
contained high-efficiency particulate air-filtered clean van
and emptied into acid-cleaned Teflon bottles until processing.
Water was filtered through a combusted 0.7-um glass fiber
filter into acid-cleaned Teflon bottles using a dome vacuum
filtration setup with acid-cleaned Teflon filter towers. For
total mercury (HgT) and MeHg analyses, aliquots of water
were collected in separate Teflon bottles, acidified to ~ 0.5%
with trace-metal-grade HCI, and stored in the dark. For
dissolved organic carbon (DOC) analysis, aliquots of water
were collected in small Teflon vials and frozen.

Sediments were sampled using an Ocean Instruments Mk
III 50 X 50 cm box corer, which was modified to increase
core recovery, as described in Hollweg et al. (2009). Box
cores with substantially turbid overlying water were
rejected. Box-cored sediments were subsampled with 4.8-
cm polycarbonate tubes, and stored at either ambient
bottom-water temperature (for methylation and demethyl-
ation incubation experiments) or on ice (bulk-phase and
pore-water collection).

For bulk-phase and pore-water collection, intact sedi-
ment cores were placed in an oxygen-free Coy glove box for
processing within 2 h after the box cores were subsampled
(Hollweg et al. 2009). Bulk-phase analyses including Fe(II),
Fe(I1I), acid-volatile sulfur (AVS), and chromium-reduc-
ible sulfur (CRS). For pore-water collection, sediment was
placed in acid-cleaned and DI-rinsed Nalgene polystyrene
filter units (0.2-um cellulose nitrate filter and a combusted
0.7-um glass fiber prefilter), and pore water was extracted
via vacuum filtration. Pore-water analyses included HgT
and MeHg (acidified to ~ 0.5% with trace-metal-grade
HCI), sulfide (preserved in sulfide antioxidant buffer), Fe
and Mn (acidified to ~ 0.2% with trace-metal-grade HCI),
anions (frozen), nutrients (frozen), and DOC (frozen).

Mercury methylation and MeHg demethylation incuba-
tions—Mercury methylation and MeHg demethylation
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Table 1. Station location, depth, and bottom water properties for each sampling date.
Depth Temperature Dissolved Latitude Longitude
Month Year Site (m) °O) Salinity  oxygen(mgL-—1) (°N) (°W)

May 2005 6 16 7.7 31.9 8.1 37.0822 —75.7180
Jul 2005 6 16 16.8 30.9 7.4 37.0936 —75.7054
Sep 2005 6 14 15.5 31.3 4.8 37.0936 —75.7053
Apr 2006 6 16 12.1 32.1 8.3 37.0945 —75.7040
Jul 2006 6 16 17.0 32.1 6.9 37.1020 —75.7150
Jul 2005 7 15 14.4 31.4 7.7 36.6912 —75.7404
Sep 2005 7 14 17.7 31.4 5.2 36.6973 —75.7303
Apr 2006 7 15 13.4 319 8.5 36.6912 —75.7413
Jul 2006 7 17 14.0 33.1 8.1 36.6883 —75.7388
Jul 2005 9% 722 12.8 35.2 6.5 36.3312 —74.7384
Sep 2005 9% 650 5.3 35.0 4.5 36.3355 —74.7454
Apr 2006 9% 819 44 35.0 8.2 36.3350 —74.7344
Jul 2006 9% 646 5.0 35.0 7.2 36.3265 —74.7447
Jul 2006 OA* 85 15.0 353 6.5 36.3308 —74.8303
Jul 2006 9B* 107 14.0 35.4 5.4 36.3320 —74.7888
Jul 2006 10 48 14.0 347 6.2 36.8318 —74.8330
Jul 2006 11* 227 12.0 353 4.3 36.0628 —74.7877
Jul 2006 12% 600 5.0 35.0 6.6 35.8520 —74.8335
Jul 2006 13 32 15.5 34.2 7.8 36.1633 —75.3315
Jul 2006 14 38 14.0 34.1 7.6 37.3320 —75.0012
Jul 2006 15 19 14.0 31.2 7.3 38.0035 —75.1650

* Slope stations.

rates were estimated by introducing enriched stable Hg
isotopes (Me!®Hg and 201Hg) into intact sediment cores
(Hintelmann and Evans 1997; Mitchell and Gilmour 2008).
Enriched stable mercury isotopes were obtained from Oak
Ridge National Laboratory, with a purity of 91.95% for
199Hg and 98.11% for 201Hg. Me!®Hg was synthesized
using methylcobalamin (Hintelmann and Ogrinc 2003).

In the field, stock solutions of 201Hg and Me!9°Hg were
diluted with 0.22-um-filtered bottom water and equilibrat-
ed for an hour at ambient bottom-water temperature before
use. After the equilibration time, the isotope supplements
were injected into the sediment cores at 1-cm horizontal
increments (Gilmour and Riedel 1995). For the July 2005
cruise, injections were made to 5 cm down core and 1 cm
above the sediment surface in the overlying water.
Methylation and demethylation rate experiments were
performed separately, in triplicate, with a 4-h incubation
time. After incubation, the sediment cores were sectioned
and immediately frozen on dry ice. For methylation rate
experiments, the 20!Hg supplement (~ 280 pmol Hg cm—3
sediment) increased the total Hg content 1.5X in organic-
rich sediment (> 1% loss on ignition; LOI) and 8.4X
in sandy sediment (< 1% LOI). For demethylation
rate incubation experiments, the Me!9°Hg supplement
(~ 56 pmol MeHg cm—3 sediment) increased the MeHg
content 32X in organic-rich sediment and 97X in sandy
sediment. For the first four cruises, methylation and
demethylation rate experiments were performed together,
in duplicate, with a 2-h incubation time, as discussed in
Hollweg et al. (2009).

The methylation rate constant (kp,e,) was determined by
measuring the formation of excess Me201Hg from the 201Hg
supplement, whereas the demethylation rate constant
(kgemetn) Was determined by measuring the loss of excess

Me!9°Hg, as discussed in Hintelmann et al. (2000), Martin-
Doimeadios et al. (2004), and Heyes et al. (2006). For the
calculation of the rate constants, it was assumed that
methylation and demethylation rates were both pseudo-
first-order kinetic reactions (Hintelmann et al. 2000). Our
equations for methylation and demethylation rate calcula-
tions are given in Hollweg et al. (2009).

In this study, the detection limit (DL) for kpeq was
estimated to be 0.001 d—! for organic-rich sediments (> 1%
LOI) and 0.0002 d—! for sandy sediments (< 1% LOI), using
similar calculations to those described in Mitchell and
Gilmour (2008). Similarly, the DL for kgemern Was estimated
to be 0.13 d—! for both organic-rich and sandy sediments.
For laboratory analysis of ambient Hg standards, the
average relative standard deviation of the ratios of
201:202-Hg and 199:202-Hg were 2.3% and 2.5%, respec-
tively (n = 12). At all stations, our measured rate constants
for kpetn and kgemern Were above these estimated DLs.

Mercury and MeHg analysis—Total Hg analysis was
conducted following digestion, SnCl, reduction, and gold-
trapping techniques (Gill and Fitzgerald 1987; EPA 2002).
For the analysis of HgT in the pore water and water
column, Hg water samples were reduced and trapped
manually using bubblers. Gold-coated traps were heated
and HgY was introduced directly into either a Perkin Elmer
dynamic reaction cell (DRC) II inductively coupled plasma
mass spectrometer (ICP-MS) for pore-water analysis
(Smithsonian Environmental Research Center, SERC) or
a Tekran cold vapor atomic fluorescence (CVAFS)
mercury detector 2500 for water column analysis (Univer-
sity of Connecticut). Concentrations of ambient HgT were
calculated using external standards. The running average
DL for HgT in 10- to 30-mL pore-water samples was
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0.66 pmol L—! on the basis of 3X the standard error of
filter blanks. Recovery of supplements (50 pg per 20 mL)
averaged 112%. The average relative standard deviation
(RSD) of laboratory replicates was 11%.

For sediment HgT analysis, samples were digested in hot
acid (3:7 mixture of H,SO4: HNO3) followed by BrCl, as
discussed in more detail in Hollweg et al. (2009). Digested
samples were analyzed at SERC and the University of
Connecticut on a Perkin Elmer ELAN DRCII ICP-MS
with an attached flow injection auto sampler system. An
enriched isotope internal standard (200HgCl) was added the
night before the digestion (Hintelmann and Ogrinc 2003).
The concentration of ambient Hg and the excess abundance
of each isotope were calculated using isotope dilution. For
this cruise, the RSD of laboratory duplicates was 2.8% (n =
19), whereas the RSD of field triplicate cores was 15%.
Recovery of a certified reference matieral (CRM), estuarine
sediment MESS-3 from the Canada National Research
Council (455 = 45 pmol g—1), was 453 = 8 pmol g—1 (99.6%
recovery; n = 13). The DL for HgT analysis in 50 mL of
digested sample was 0.17 pmol g=! (n = 15) on the basis of
3X the standard error of laboratory blanks.

MeHg analysis followed distillation, ethylation, and gas-
chromatographic separation techniques (Method 1630, EPA
2001), as discussed in Hollweg et al. (2009) and Mitchell and
Gilmour (2008). Sediment and pore-water analyses were
performed on a Perkin Elmer DRCII ICP-MS at the
University of Connecticut and SERC, respectively, using
isotope dilution (Hintlemann and Evans 1997; Hintelmann
and Ogrinc 2003; Mitchell and Gilmour 2008). Water-
column sample analyses were performed on a Tekran
CVAFS mercury detector 2500 at the University of
Connecticut using external standards. For sediment MeHg,
the RSD for laboratory duplicates was 10% (n = 13), the
RSD for field triplicates was 18.6%, and supplement
recoveries averaged 100.6% = 10.3% (n = 8). Recovery of
a CRM (estuarine sediment, International Atomic Energy
Agency; TAEA-405; 27.45 = .53 pmol g—!) was 24.6 *=
6.2 pmol g=! (90% recovery, n = 23). The DL for MeHg in
sediments (in 20 mL of distillate) was 0.017 pmol g—! (n = 7)
on the basis of 3X the standard error of laboratory blanks.
For water samples, MeHg supplement recoveries averaged
88.2% (n = 17) and the DL (in 120 mL of distillate) was
0.19 pmol L=1! (n = 29) on the basis of 3X the standard error
of laboratory blanks. For the data reported in this
manuscript, the running average DL for MeHg in 30- to
40-mL pore-water samples was 0.26 pmol L—! on the basis of
3X the standard error of filter blanks.

Ancillary analyses—Additional analyses included AVS-
CRS and 0.5 mol L—! HCl-extractable Fell and Felll in
sediments; and filterable DOC, sulfide, sulfate, chloride,
phosphate, nitrate, iron, and manganese in pore waters.
Detailed methods for additional analyses are given in
Mitchell and Gilmour (2008) and Hollweg et al. (2009).

Dissolved inorganic Hg and MeHg speciation: Thermo-
dynamic modeling—To assess biogeochemical controls
on net MeHg production and calculate the diffusive
flux of Hg and MeHg from shelf sediments, the aqueous
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speciation of both complexes in sediment pore water and
overlying water was modeled using MINEQL+ chemical
speciation software version 4.5 (Schecher and McAvoy
2001). For these models, we assumed equilibrium with the
solid phase, and therefore did not include solid-phase
interactions. We decided on complexes and formation
constants on the basis of the large body of literature
demonstrating that sulfides and organic thiols are the main
drivers of aqueous Hg and MeHg complexation (Dyrssen
and Wedborg 1991; Benoit et al. 1999; Benoit et al. 20015).
Formation constants are listed in Table 2. The validity of
the stability constants used in this paper is supported by a
more detailed speciation modeling study (Hollweg 2010),
which includes comparisons of different speciation models
to field data in the sediments of our study area. This
analysis supports the use of the higher stability constant for
HOHgSH in the speciation model presented in this paper,
as used by others (Benoit et al. 1999, 2001a). However, we
do acknowledge that there are controversies over the
stability constants for HOHgSH and Hg bound to organic
matter. For example, Skyllberg (2008) proposed that the
stability constant for HOHgSH has been dramatically
overestimated, and suggested using a lower stability
constant for future speciation modeling. In addition, as
discussed in Skyllberg (2008), the choice of a stability
constant (K) for Hg bound to organic matter (Hg-OM)
remains uncertain. For this paper, we modeled the Hg-OM
interaction as Hg bound to two reduced thiol groups,
Hg(SR),, with a log K of 42 as suggested by Skyllberg
(2008). This stability constant is similar to what has been
previously suggested by others (Dyrssen and Wedborg
1986; Benoit et al. 1999). For example, a log K of 41.6 was
determined in a titration experiment of thiols by Dyrssen
and Wedborg (1986) and using a log K of either 42 or 42.5
was the best fit of the speciation model to field data for the
Patuxent River and the Florida Everglades, respectively, by
Benoit et al. (1999). However, we note that the interaction
of Hg-S complexes with organic matter is not entirely
understood, as recent experimental work has shown an
interaction between OM and Hg(II) in the presence of
dissolved sulfide (Hsu-Kim and Sedlak 2005; Miller et al.
2007; Deonarine and Hsu-Kim 2009), which thermody-
namic models would not accurately predict.

Measured concentrations of total filterable sulfide,
Hg(11), and MeHg and pH, and an estimated concentration
of reduced thiol groups (RSH) were included in the
thermodynamic speciation model. The concentration of
RSH in dissolved organic matter (DOM) was estimated
from the DOC concentration and the RSH : DOC ratio, as
discussed below. The DOC concentration was measured in
the bottom water and estimated in the sediment using a
linear relationship between bulk-phase organic carbon
(POC) and DOC concentration (DOC = POC X 0.132 +
482; r2 = (0.74; DOC in units of yumol L—! and POC in units
of umol g—1) on the basis of data in Burdige and Homstead
(1994) and Alperin et al. (1999). DOC and Hg concentra-
tions in the bottom water and pore water are shown in
Tables 3 and 4, respectively. The concentration of RSH
was estimated by assuming the ratio of RSH to DOC was
0.25 mass %. This value was based on the average
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Table 2. Thermodynamic stability constants (K) for MeHg and Hg(II) complexes used in equilibrium modeling.
Equilibrium reaction Log K References

MeHg* + RS- = MeHgSR 16.5 Karlsson and Skyllberg (2003)
MeHg* + HS— = MeHgSH 14.5 Dyrssen and Wedborg (1991)
MeHgSH = MeHgS— + H+ =75 Dyrssen and Wedborg (1991)
MeHg* + OH~- = MeHgOH 9.37 Schwarzenbach and Schellenberg (1965)
MeHg* + Cl- = MeHgCl 5.25 Schwarzenbach and Schellenberg (1965)
Hg?* + OH— = HgOH+ 10.67 Dyrssen and Wedborg (1991)
Hg?+ + 20H- = Hg(OH), 22.23 Dyrssen and Wedborg (1991)
Hg?* + 30H~- = Hg(OH)3~ 20.9 Stumm and Morgan (1996)
Hg?+ + Cl- = HgCl+ 7.2 Stumm and Morgan (1996)
Hg?+ + 2C1- = HgCl, 14 Stumm and Morgan (1996)
Hg?+ + 3Cl- = HgCl 3 15.1 Stumm and Morgan (1996)
Hg2+ + 4Cl- = HgC]i— 154 Stumm and Morgan (1996)
Hg?* + CI- + OH- = HOHgCl 18.1 Stumm and Morgan (1996)
Hg?++ OH~ + HS— = HOHgSH 40.51 Dyrssen and Wedborg (1991)
Hg?+ + 2HS- = Hg(SH), 37.71 Schwarzenbach and Widmer (1963)
Hg?+ + 2HS—- = HgS,H— + H+ 31.53 Schwarzenbach and Widmer (1963)
Hg?+ + 2HS- = HgS3~ + 2H+ 23.23 Schwarzenbach and Widmer (1963)
Hg2+ + HS— = HgS + H*+ 36.81 Schwarzenbach and Widmer (1963)
Hg2?+ + 2RS~ = Hg(SR), 42 Skyllberg (2008)
RS- + H* = RSH 10 Karlsson and Skyllberg (2003)
H+*+ HS- = H,S 7 Stumm and Morgan (1996)
S%‘ + H+ = HS— 14.15 Schwarzenbach and Widmer (1963)
H++ OH- = H,O 13.7

measured bulk-phase organic S:organic C ratio in the
sediment of our study site (from data in Table 5; ~ 0.16 mol
S mol~! C; ~ 4.2 mass %) and the assumptions that the
ratio of reduced organic S to total organic S concentration
is ~ 20 mass % (Ravichandran 2004) and that the ratio of
thiol to total reduced organic sulfur concentration is ~ 30
mass % (Qian et al. 2002). For example, a pore-water DOC
concentration of 500 umol L—1 (6 mg L) would yield an

Table 3. Dissolved organic carbon (DOC) concentrations in
sediment pore water (0-4 cm) and overlying bottom water used
for thermodynamic speciation modeling. Pore-water DOC
concentrations were estimated on the basis of bulk organic
carbon content, explained in more detail in Methods. Overlying
water DOC concentrations were measured.

DOC (umol L—1)

Pore Bottom
Month Year Site water water
May 2005 6 515 109
Jul 2005 6 540 171
Sep 2005 6 520 137
Apr 2006 6 520 220
Jul 2006 6 508 233
Jul 2005 7 530 150
Sep 2005 7 520 137
Apr 2006 7 500 214
Jul 2006 7 499 154
Jul 2005 9 625 103
Sep 2005 9 650 77
Apr 2006 9 700 113
Jul 2006 9 799 138
Jul 2006 10 498 176
Jul 2006 12 989 102
Jul 2006 14 521 135

estimated RSH concentration of ~ 0.47 umol L-!
(15 ug L-1). All speciation calculations were performed
at 25°C, with a chloride concentration of 0.6 mol L—1 and
an ionic strength of 0.5 mol L—1.

Calculation of inorganic Hg and MeHg diffusive fluxes—
Diffusive fluxes (F) of dissolved Hg(II) and MeHg were
calculated as described in Hollweg et al. 2009, using a
diffusive transport equation on the basis of Fick’s first law
of diffusion.

The diffusive fluxes of MeHg and Hg(Il) were deter-
mined by a summation of the fluxes of the individual MeHg
and Hg(II) species present in solution (Egs. 1 and 2). The
MeHg species incorporated into the diffusive flux model
include the following: MeHgSH?, MeHgS—, MeHgSR, and
MeHgCl1o9. The Hg(II) species incorporated into the
diffusive flux model include the following: HOHgSHO,
HgS,H—, HgS,2—, Hg(SR),.

Z Fuetie = Fyjengsio + FMeties— + Fuetigsk + Fypeprger (1)

Z Frgan =Frongsuo + Frgs.n~ + Fiygs,>- +Frgsr),  (2)

The diffusion coefficient at 25°C (D,,) of HOHgSH? was
estimated to be 1.7 X 10~5 cm2 s—! on the basis of the
inverse linear relationship between D, and the molar
volume (V) for neutrally charged molecules (Eq. 3: Hayduk
and Laudie 1974; Schwarzenbach et al. 1993) and assuming
the molar volume of 39 cm3 mol~! (Benoit et al. 2001a).

23x10~*
D, = < 071 ) 3)

Using similar methods, the D,, of MeHgSH% and MeHgCI°
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Fig. 2. Average bulk-phase HgT concentrations (pmol g—!
dry weight) measured in sediments of the mid-Atlantic continental
shelf. A larger circle indicates a higher Hg concentration (as
indicated in the figure legend).
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was assumed to be 1.2 X 10~5 cm2 s—! (Hammerschmidt et
al. 2004) and 1.3 X 10=> cm? s—! (Gill et al. 1999),
respectively. The D, of MeHgSR and Hg(SR), was
assumed to be 2 X 107¢ cm? s~! on the basis of the
diffusion coefficient of organic matter (5000 Da) (Gill et al.
1999). The D, of HgS,~2 was assumed to be 9.5 X
10-¢ cm? s—! on the basis of the average diffusion
coefficient of other doubly charged anionic species of
similar mass (Li and Gregory 1974; Gill et al. 1999). The
D,, of HgS;H~ and MeHgS— was assumed to be 8.0 X
10-¢ cm? s—! on the basis of the average diffusion
coefficient of other singly charged anionic species of similar
mass (Li and Gregory 1974; Boudreau 1997; Goulet et al.
2007). Temperature corrections to the D,, were applied by
the Stokes—Einstein equation, as discussed in Warnken et
al. (2000).

Results

Spatial variations in concentration and partitioning of Hg
and MeHg—Across the stations sampled (Fig. 1), HgT
concentrations averaged around 20 pmol g—! (dry weight)
in sandy shelf sediments, and about 200 pmol g—! in
organic-rich slope sediments, with about an order of
magnitude range in each (Table 4; Fig. 2). Sediment MeHg
concentrations showed similar trends, with concentrations
also about 10 times higher on the slope than on the shelf.
For both bottom types, however, MeHg averaged about
1% of the HgT concentration. On the shelf, HgT
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Fig. 3. Sediment HgT concentration, normalized to organic

matter content (% loss on ignition), as a function of distance from
shore for eastern North American coastal sediments. Black
symbols represent data from this study and from Hollweg et al.
(2009); error bars represent standard deviation between cruises for
stations repeatedly sampled. Gulf of Mexico data from Liu et al.
2009; Long Island Sound from Hammerschmidt et al. 2004; New
England Shelf from Hammerschmidt and Fitzgerald 2006; Bay of
Fundy from Sunderland et al. 2006.

concentrations were highest near the Chesapeake Bay
mouth (Fig. 2; Table 4), where concentrations at Sta. 7
were about half those in sandy sediments of lower
Chesapeake Bay (~ 70 pmol g—!; Hollweg et al. 2009).
Normalized to OM content, sediment HgT concentrations
decreased with the distance offshore (Fig. 3).

Of the variables examined, bulk-phase HgT was the
strongest correlate of MeHg in sediments (Fig. 4). This
trend has been observed in many marine and freshwater
systems, as discussed in Benoit et al. (2003). The slope of
the linear relationship (m = 0.012 = 0.001) is equivalent to
the average fraction of HgT that is MeHg (see %MeHg in
Table 4). The average percentage of MeHg was similar to
what was measured in deep-sea sediments of the Mediter-
ranean Sea (Ogrinc et al. 2007), but at the higher end of the
few other marine sediments that have been examined
(Hammerschmidt and Fitzgerald 2006; Liu et al. 2009).

Pore-water HgT and MeHg concentrations varied much
less than did bulk-phase concentrations, with interstitial
water concentrations in slope sediments averaging only
slightly higher than shelf sediments (Table 4). On average,
MeHg made up 11% of HgT in interstitial waters. Pore-
water Hg and MeHg concentrations were similar to those
measured in the sediments of the nearby Chesapeake Bay
(Benoit et al. 1998; Hollweg et al. 2009) and in other shelf
sediments (Hammerschmidt and Fitzgerald 2006; Liu et al.
2009). Similar to bulk-phase Hg concentrations, the
partitioning of Hg between the solid phase and pore water,
defined as the distribution coefficient (Kp), varied by about
two orders of magnitude, and was strongly correlated with
OM content in sediments (Tables 4, 5).

Although MeHg concentrations in shelf and slope
sediments were lower than in adjacent Chesapeake
sediments, methylation rate constants, and the fraction of
Hg as MeHg, were similar to or higher than in the estuary.
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Fig. 4. Relationship between MeHg and HgT concentrations

in surface sediments (0-4 cm). Each point represents the site
average (n = 2 or 3) for an individual cruise. Graph includes data
from all five cruises.

In mid-Atlantic shelf and slope surface (0-4 cm) sediments,
we measured Hg methylation rate constants (kpew) that
ranged from about 0.002 to 0.05 d—! (Table 4), similar to
those measured with similar methods in the Chesapeake
Bay (Heyes et al. 2006; Hollweg et al. 2009), New York—
New Jersey Harbor (Hammerschmidt and Fitzgerald 2004),
and other Atlantic estuaries (Heyes et al. 2006; Kim et al.
2006; Drott et al. 2008a). Demethylation rate constants
(kgemetn) varied between 0.4 and 9.6 d—!. To date, there
have only been a handful of methylation rate studies in
offshore sediments. The values estimated in this study were

Hollweg et al.

at the higher end of what was measured in deep-sea
sediments of the Mediterranean Sea (Ogrinc et al. 2007) but
at the lower end of what was measured on the southern
New England continental shelf (Hammerschmidt and
Fitzgerald 2006).

Discussion

The results suggest that the distribution of mercury
across the study site is determined by sediment-binding
capacity and proximity to sources. For MeHg, the redox
zonation of sediments determines the depth distribution
and magnitude of net MeHg production. Furthermore, the
bioavailability of inorganic Hg for methylation appears to
be the dominant driver of spatial patterns of MeHg across
the shelf and slope. The relative importance of these factors
is discussed in the following sections. Finally, the impor-
tance of the shelf and slope as a source of MeHg to the
water column is estimated on the basis of diffusive
calculations using measured concentrations of MeHg in
pore water and overlying waters.

Controls on sediment Hg concentration—A strong
association between Hg and organic matter has been
observed in sediments of many marine ecosystems (Ham-
merschmidt and Fitzgerald 2004; Sunderland et al. 2006;
Ogrinc et al. 2007). This interaction appears to be
controlled by the strong association of Hg with thiol
moieties in OM, as discussed in Ravichandran (2004) and
Skyllberg (2008). In this study, sediment organic matter
(SOM) explained more than 90% of the variability in Hg
and MeHg concentrations (Fig. 5).

Table 5. Chemical characteristics of surface (0—4 cm) sediments (umol g—!) and pore waters (umol L—!) by station and cruise,

including acid-volatile sulfide (AVS), chromium-reducible sulfide (CRS), and reactive Fe(Il) and Fe(III).
Sediment

Sampling Reac. Reac. Pore water

date Station LOI (%) C S N AVS CRS Fe(Il)  Fe(III) pH  Sulfide Fe Mn
May 2005 6 0.92 — — — 1.35 10.97 — — 8.13 0.24 17.51 11.65
Jul 2005 6 1.57 — — — 0.09 14.34 2.29 0.87 8.42 0.16 8.37 7.11
Sep 2005 6 1.07 — — — 0.55 9.66 3.97 0.48 7.79 0.38 32.54 15.66
Apr 2006 6 1.00 386 18.6 22.8 0.08 6.51 3.50 1.80 8.05 0.31 17.65 12.07
Jul 2006 6 0.55 — — — 0.28 9.19 3.71 0.82 7.30 0.15 11.55 5.21
Jul 2005 7 1.44 295 24.6 26.0 0.08 17.74 5.33 1.25 7.93 0.45 15.46 5.92
Sep 2005 7 1.09 365 26.5 323 0.98 29.41 5.63 0.69 7.84 0.88 35.94 6.91
Apr 2006 7 0.39 — — — 0.01 0.94 0.51 1.66 8.08 0.04 0.19 0.07
Jul 2006 7 0.35 — — — 0.00 1.28 0.72 2.02 7.52 0.01 0.33 0.77
Jul 2005 9* 8.70 2615 459 210.4 0.32 9.06 8.44 0.10 8.03 0.22 21.60 4.72
Sep 2005 9% 7.23 2754 47.1 207.3 0.36 24.55 7.13 0.01 7.56 1.16 24.21 4.64
Apr 2006 9* 10.92 3353 64.3 270.4 0.39 31.38 10.41 1.40 8.05 0.61 20.06 6.53
Jul 2006 9%* 6.83 3167 79.3 240.7 0.02 8.60 9.13 0.18 7.59 0.05 1.29 0.90
Jul 2006 9A* 1.25 — — — 0.03 11.68 3.79 0.07 7.21 0.03 2.78 1.00
Jul 2006 9B* 241 1260 60.4 89.8 0.19 19.37 4.78 0.00 7.39 0.02 4.98 1.00
Jul 2006 10 0.33 — — — 0.01 1.68 0.21 0.60 6.95 0.03 0.55 0.04
Jul 2006 1* 2.55 1940 35.5 250.3 0.04 11.07 5.53 2.86 7.40 0.01 4.84 2.66
Jul 2006 12* 10.92 3687 934 720.7 1.55 22.33 18.27 0.00 7.60 0.08 39.06 8.97
Jul 2006 13 0.68 — — — 0.23 7.69 2.45 0.94 7.66 0.03 6.55 1.62
Jul 2006 14 0.82 — — — 0.31 5.00 1.45 1.54 7.10 0.07 6.66 4.86
Jul 2006 15 0.34 — — — 0.24 11.71 1.42 0.89 7.50 0.07 29.76  25.28

* Slope station.
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Fig. 5. (a) Total Hg and (b) MeHg concentrations in surface

sediments (04 cm) plotted against organic matter content (as %
LOI). Each point represents the site average (n = 2 or 3) for an
individual cruise. Graph includes data from all five cruises.

Total Hg concentrations normalized to SOM content
may be used as an indicator of relative contamination. In
general, sediment Hg contamination decreases with dis-
tance from shore and thus from local point and nonpoint
inputs. For example, Fig. 3 shows how SOM-normalized
Hg concentrations decrease with distance from shore in our
mid-Atlantic data set. Normalized to SOM, Chesapeake
Bay sediments are somewhat less contaminated than those
in Long Island Sound. Mid-Atlantic and coastal New
England shelf sediments appear similarly contaminated,
although somewhat less contaminated than sediments in
the northern Gulf of Mexico. However, both distance from
sources and changes in the chemistry of SOM with aging
could contribute to these trends. For example, sediment
organic S: C ratios decrease with distance offshore on the
mid-Atlantic shelf (Hollweg et al. 2009), which could result
in decreased Hg binding capacity. Additionally, the S:C
ratio of Baltimore Harbor sediments (~ 0.1) is even higher
than that of the Chesapeake Bay (Mason et al. 1999).

Organic matter controls on Hg partitioning—SOM also
strongly influences Hg and MeHg partitioning behavior
(Fig. 6; Egs. 4, 5), and thus Hg availability for methylation,
and MeHg availability for efflux and bioaccumulation. For
the mid-Atlantic shelf and slope, we found the following
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relationships between SOM and sediment : water distribu-
tion coefficients:

Log Kp(HgT) =(2.97+0.06) +(0.15 +0.02)[%LOI]
(r=0.94, p<0.001, n=22) (4)

Log Kp(MeHg) =(1.98 40.09) +(0.18 +0.02)[%LOI]
(r=0.90, p<0.001, n=22) (5)

As observed in other systems, the slopes of the two linear
regressions were parallel, with about an order of magnitude
shift in the intercept.

As shown in Fig. 6, the relationship between SOM and
Hg distribution coefficients varies across and within
ecosystems, suggesting that the ability of sediments to bind
Hg changes with source and age of SOM. The Kp is also
related to the organic and inorganic S content of these
sediments. More generally, the comparison across systems
shows that the slope of the relationship declines with
increasing SOM, particularly above about 5% LOI. Across
a wide range of SOM, these relationships are better fit with
log:log regressions. Overall, the HgT Kp appears to be
higher in nearshore or more contaminated systems like
New York Harbor, than in offshore or less affected
sediments.

Biogeochemical controls on Hg methylation and MeHg
demethylation—MeHg production rates in shelf and
slope sediments were similar to or higher than sediment
methylation rates in the adjacent Chesapeake Bay (Hollweg
et al. 2009), despite the fact that offshore sediments support
substantially lower rates of microbial activity. Average
sulfate reduction and CO, production rates measured in
shelf and slope surface sediments were about an order of
magnitude lower than those measured in mid-bay sedi-
ments (Hollweg et al. 2009). This suggests that microbial
activity is not the dominant control on net MeHg
production, at least across broad spatial scales. Rather,
sulfide and organic matter—parameters that influence Hg
partitioning and bioavailability—were better predictors of
methylation rates and %MeHg across the bay to slope
transect (Hollweg et al. 2009).

The sandy sediments of the mid-Atlantic shelf and the
clay sediments of the slope are mildly reducing environ-
ments, with low dissolved (< 10 umol L—1!) and solid-phase
(AVS + CRS) sulfide concentrations (Table 5). Low rates
of carbon input yield low sediment oxygen demand, which,
in combination with high porosity (in sand) and excess Fe
(on the slope), result in low amounts of sulfide accumula-
tion. However, the sediments are sufficiently reduced to
support microbial sulfate reduction and probably Fe(III)
reduction. Depth profiles of shelf and slope sediments
generally showed a peak in k., in concert with a peak in
dissolved Fe, usually within a few centimeters of the
sediment surface (Hollweg et al. 2009).

Profiles of biogeochemical processes in shelf and slope
sediments (Hollweg et al. 2009) showed that microbial
sulfate reduction (SRR) accounted for roughly 5-10% of
total CO, production during spring and 40-90% during
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Fig. 6.

Relationships between HgT sediment-water partition coefficients and sediment

organic matter content (as % LOI) for a number of coastal ecosystems. Data points are from this
study; each represents the site average (n = 2 or 3) for 0-4-cm depth sediment for an individual
cruise. Lines are published relationships from other coastal areas: Chesapeake Bay (Hollweg et al.
2009), Long Island Sound and New England Shelf (Hammerschmidt and Fitzgerald 2006),
northern Gulf of Mexico (Liu et al. 2009), Bay of Fundy (Sunderland et al. 2006), Mediterranean

Sea (Ogrinc et al. 2007).

summer and fall in the upper 4 cm of the sandy sediment of
the shelf (Sta. 6 and 7). In the organic-rich sediments of the
slope (Sta. 9), SRR accounted for 60-100% of total CO,
production in the upper 4 cm. Methane production was
rarely detected even at depth (up to 12 cm) in shelf and
slope sediments. Although we did not measure Fe(III)
reduction rates directly, reactive Fe(Ill) was generally
detectable in shelf surface sediments, and reactive Fe(II)
was in excess of AVS, conditions that should support active
Fe(II)-Fe(III) redox cycling.

On the shelf and slope, and in the Chesapeake,
methylation was favored in sediment horizons that were
reduced and supported microbial sulfate reduction, but
were also low in dissolved sulfide, which is a strong
inhibitor of MeHg production at concentrations above
about 10 ymol L—! (Gilmour et al. 1998; Hammerschmidt
et al. 2008; Han et al. 2008). In organic, productive
Chesapeake Bay sediments, that translates to a very narrow
depth horizon near the sediment surface (Hollweg et al.
2009), limiting the depth-integrated amount of MeHg
production. However, MeHg production in shelf and slope
sediments occurs throughout a wide depth horizon.

In the mildly reduced surface sediments of the shelf and
slope, methylation rates were positively correlated with
biogeochemical indicators of reducing conditions, includ-
ing pore-water Fe and sulfide, and sediment Fe(I) and
AVS + CRS (Fig. 7), but not with microbial sulfate
reduction rates. These relationships support the paradigm
that Hg methylation is highest in low-oxygen, low-sulfide

sediment, where reactive Fe is predominantly Fe(II)
and dissolved sulfide is present at very low concentrations
(0.1-1 pmol L—T).

A positive correlation between pore-water sulfide and
methylation rate in sediments or soils has rarely been
observed, and only in systems with very low sulfide
concentrations in interstitial water. Benoit et al. (1999,
2003) hypothesized that sulfide inhibits MeHg production
through the formation of negatively charged Hg-S com-
plexes that are poorly taken up by methylating bacteria.
These complexes are favored as sulfide concentrations rise
above about 10 umol L—! in most ecosystems. Benoit et al.
(2001a) showed that microbial methylation rates are
maximal at sulfide concentrations that favor the formation
of neutrally charged Hg-S complexes, which generally
occurs in the 0.1-10 ymol L—1 sulfide range.

In these coastal sediments, the positive relationship
between sulfide and ko, could be driven by the correlation
between sulfide and microbial sulfate reduction activity, or
the effect of sulfide on Hg partitioning, complexation, and
bioavailability. Mercury methylation rates increased with
total pore-water Hg concentration (Fig. 8a). In the sulfide
concentration range observed, modeled Hg(IT) speciation
at all sulfide concentrations was dominated by neutrally
charged Hg-S complexes (primarily HOHgSH and to a
lesser extent Hg(SH),; here referred to as XHg-S0), as
illustrated by the similarity between Fig. 8a,b. Strong
relationships between methylation rate and XHg-S° have
been observed in other estuarine and marine systems (Drott
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Fe(ID)/[Fe(Il)+Fe(1I)] (%)

(kmemn) and biogeochemical parameters that may influence Hg

bioavailability: (a) filterable sulfide; (b) sediment acid-volatile sulfide and chromium-reducible sulfide; (c) the filterable Fe concentration;
and (d) the percentage of total sediment Fe as reactive Fe(II). Each point represents the site average (n = 2 or 3) for an individual cruise.

Graph includes data from all five cruises.

et al. 2007), and methylation rates are correlated with total
pore-water Hg concentration in marine sediments with very
low dissolved sulfide concentrations (< 10 umol L-1I;
Hammerschmidt and Fitzgerald 2004, 2006).

Dissolved organic matter may also affect methylation
through the formation of poorly available complexes or by
altering the partitioning of Hg to the solid phase. However,
the interaction between OM and Hg in the presence of
sulfide remains poorly understood. Recent laboratory work
has demonstrated that DOM may be more important in Hg
speciation in the presence of dissolved sulfide (Hsu-Kim
and Sedlak 2005; Miller et al. 2007; Deonarine and Hsu-
Kim 2009) than previously thought. Potential interactions
involve hydrophobic partitioning of neutral Hg complexes
into SOM or stabilization of colloidal Hg-S particles (or
nanoparticles) by OM. Thermodynamic speciation model-
ing of Hg in the presence of OM and sulfide is strongly
dependent on the choice of stability constant, as the
reported stability constants for the Hg(SR), complex vary
by many orders of magnitude (Ravichandran 2004; Skyll-
berg 2008). Here, we modeled the Hg-OM interaction as
Hg bound to two reduced thiol groups, Hg(SR),, with a log
K of 42 as suggested by Skyllberg (2008). Using this
constant, the model yields < 2% of dissolved Hg as

Hg(SR), across all sites. We will explore dissolved Hg(II)
speciation in more detail in another manuscript, across
larger sulfide and OM gradients, including the comparison
of the modeled bioavailable Hg(II) concentration to
measured methylation rates.

Iron also plays a role in the control of net methylation,
through its control of dissolved sulfide, and perhaps
through other mechanisms. Methylation rates were corre-
lated with both the pore-water Fe concentration and the
redox status of reactive extractable Fe in sediments (Fig. 7).
Although these trends are indicators of sediment redox
status, we cannot rule out the role of Fe-reducing bacteria
in Hg methylation. We did not directly measure Fe(III)
reduction rates, but the observed biogeochemical condi-
tions should support active iron reduction. Iron can also
affect Hg mobility in sediment. For example, the dissolu-
tion of Fe(Ill) oxides has been observed to increase the
pore-water concentration of Hg (Gobeil and Cossa 1993;
Gagnon et al. 1996; Laurier et al. 2003), which in turn
could increase Hg bioavailability to methylating bacteria.
This could be another explanation for the observed
relationship in Fig. 7, with an increase in methylation
related to a release of adsorbed Hg into solution. However,
although a positive relationship exists between Hg(II) Kp
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(kmemn) and Hg complexes in pore water. Mercury speciation was
modeled as described. (a) Total filterable Hg(II); (b) neutral thiols
and HOHgSH and Hg(SH),. Filterable Hg(II) speciation is
dominated by the HOHgSH complex, explaining the similarity
between the panels. Each point represents the site average (n = 2
or 3) for an individual cruise. Graph includes data from all
five cruises.

and Fe(Il)/[Fe(Il)+Fe(II)] (r = 0.70, p = 0.016), this is
most likely driven by the high covariation of Fe(Il) and
organic matter (+ = 0.98, p < 0.001). Furthermore, the Kp
normalized to OM (Koc) was not significantly related to Fe
redox chemistry (p > 0.05). Together, this indicates that Fe
was not important in Hg mobility in the sediments of our
study site, but was a secondary control, and reemphasizes
that the partitioning of Hg between the solid phase and
pore water was most strongly controlled by the OM
content.

We also measured demethylation rates; however, they
were not significantly correlated with %MeHg in sediments
(Fig. 9), whereas methylation rates were. This has been
observed in many other studies (Benoit et al. 2003; Drott et
al. 2008a) and suggests that net MeHg production in most
ecosystems is driven by the controls on its production
rather than its degradation. Demethylation here can
probably be attributed to the microbial pathway called
“oxidative demethylation” (Oremland et al. 1991) since
this, rather than the Hg-inducible mer operon-driven

Hollweg et al.

2.0
a
@]
O
1.5 1
%” o Q
@]
e O
1.0 1 o) o
(0
o) r=0.54
p=0.01
0.5 T T
0.00 0.02 0.04 0.06
N
kmeth (d )
2.0
b r=0.05
L4 ° p=0.85
o 1.5 1
= .. [ ]
g (]
= 00.
X
1.0 | Y ¢ °
o0 ~
Y [ J
0.5

0 2 4 6 8 10 12
-1
kdemeth (d )

Fig. 9. Relationships between (a) the methylation and (b)
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MeHg (% MeHg) in surface sediments (04 cm). Each point
represents the site average (n = 2 or 3) for an individual cruise.
Graph includes data from all five cruises.

pathways, appears to be the dominant microbial demeth-
ylation process in uncontaminated or moderately contam-
inated sediments (Marvin-Dipasquale et al. 2000).

Like the Hg(IT) methylation process, demethylation rates
may depend upon the bioavailability of MeHg complexes
to demethylating bacteria (Drott et al. 2008b). For shelf
and slope sediments, the biogeochemical factors that
correlated well with demethylation were similar to those
that related to Hg methylation. The demethylation rate
constants (kgemetn) increased significantly with dissolved
sulfide concentration (Fig. 10), and with pH (data not
shown, pH vs. kgememn: p = 0.008, r = 0.58), but unlike
methylation, demethylation was not related to dissolved or
solid-phase Fe chemistry. Demethylation rates were in-
versely related to the modeled percentage of MeHg bound
to organic matter (MeHgSRY) (Fig. 11), suggesting that
organically-bound MeHg is poorly bioavailable to de-
methylators. This is consistent with observations by Drott
et al. (2008b) in freshwater sediments. Unlike methylation,
the modeled concentration of the neutral MeHgSH?
complex was not a good predictor of the demethylation
rate. In fact, demethylation rates were better related to the
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modeled concentration of the negatively charged complex,
MeHgS— (Fig. 11). However, the pK, of the dissociation
reaction of MeHgSH? (MeHgSH? = MeHgS— + H*; pK, =
7.5) is near the average pH of coastal sediments. The
balance between inorganic MeHg-S species and organic
MeHg species (modeled as MeHgSRDY) is also sensitive to
sulfide concentration in the range observed. Although one
might reasonably expect the speciation of bioavailable
MeHg to be similar to that of inorganic Hg, the uptake
mechanisms for MeHg by oxidative demethylators are
unknown, and the species favored for demethylation are
not well understood. Demethylation has been found to be
relatively ubiquitous across ecosystems, and it occurs both
in oxic and anoxic environments, so it is possible that
uptake is due to a facilitated process rather than purely due
to passive uptake. In such a case, it is possible that the
labile fraction (i.e., the total fraction as inorganic
complexes) is a better proxy for uptake bioavailability
than is the neutral complex concentration, as it is for other
metals that are actively assimilated (e.g., Fe, Zn) (Morel
and Hering 1993). The positive correlation in Fig. 11
suggests that uptake is related to the concentration of
small, labile MeHg complexes.
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Relationships between the demethylation rate constant (kgemetn) and MeHg speciation as a fraction of total filterable MeHg

in pore water. MeHg speciation was modeled as described. Each point represents the site average (n = 2 or 3) for 0—4-cm depth sediment

for an individual cruise.
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Diffusive flux estimates—Mercury and MeHg concen-
trations in surficial sediment pore waters exceeded concen-
trations in surface waters at all sites on all sampling dates
(Tables 6 and 7). Thus, on the basis of Fick’s Law of
Diffusion, all sites were sources of Hg(II) and MeHg to the
water column. Diffusive flux rates were estimated by
modeling the equilibrium speciation of dissolved complex-
es, applying separate diffusion coefficients for each
complex, and summing the individual fluxes (see Methods).
Using this approach, the calculated diffusive flux of MeHg
ranged from 0.05 to 2.2 pmol m—2 d—! (Table 7), with an
average flux of 0.8 pmol m—2 d—!. The variation in the flux
across sites was strongly related to the modeled speciation
of MeHg in the pore water and the associated diffusion
coefficient (D,,) for that complex. Dissolved sulfide
concentrations were clearly important in controlling the
flux. For example, in sediments where the MeHg-S
complexes (MeHgSH? and MeHgS—) dominated, the
overall diffusive flux was significantly higher than for
sediments where the organically bound MeHg complex
(MeHgSRY) dominated, due to an order of magnitude
higher D,, for MeHg bound to sulfide than bound to OM.
The diffusive flux of MeHg would therefore be significantly
higher from more reducing sediments with shallower
oxygen penetration, as this would result in a higher
proportion of MeHg-S species near the surface of the
sediment. Seasonal changes in pore-water sulfide, and thus
MeHg-S concentrations, in surface pore water explain the
seasonal variations in the calculated MeHg diffusive flux at
individual stations (Table 7).

For Hg(II), the calculated diffusive flux ranged from 3.4
to 60 pmol m—2 d—! (Table 6), with an average flux of
26 pmol m~2 d—!. The variations in flux between sites were
primarily controlled by differences in pore-water Hg(II)
concentrations, since modeled Hg complexation did not
vary substantially across sites. However, it should be noted
that the diffusive flux of Hg(I) may be potentially
overestimated, as recent work has shown a significant
interaction between dissolved Hg(I) and DOM in the
presence of sulfide (Hsu-Kim and Sedlak 2005; Miller et al.
2007; Deonarine and Hsu-Kim 2009), which thermody-
namic models do not accurately predict.

In contrast to most published flux estimates that have used
the simplifying assumption that Hg speciation is the same in
surface and pore water, we modeled the speciation in both
separately and used the concentration differences for each
species in generating the flux estimates. These speciation
differences can have a large effect on the estimated diffusive
flux. As shown in Table 6, there were instances where a
negative flux of Hg(SR), occurred because of a higher
concentration of Hg(SR), in the overlying water relative to
the pore water. In most instances, the Hg and MeHg sulfide
complexes had the highest calculated flux rates because of the
high diffusion coefficients and the low concentrations of Hg-
S complexes in the overlying water.

The MeHg and Hg(II) diffusive fluxes estimated in this
study were at the lower range of those calculated for the
southern New England continental shelf (Hammerschmidt
and Fitzgerald 2006), Mediterranean Sea (Ogrinc et al.
2007), San Francisco Bay (Choe et al. 2004), Boston Harbor

Concentrations and diffusive fluxes of dissolved Hg(IT) species estimated in pore water and bottom water of the study site, separated by station and cruise. The

Table 6.
diffusive flux rates were estimated by applying separate diffusion coefficients for each complex, and summing the individual fluxes.

Hg(II) Concentration (pmol L—1)

Flux (pmol m—2 d—1)

Bottom water
Station HOHgSH Hg(SR), Hg(SH), HgS,H! HgS%‘ HOHgSH Hg(SR), Hg(SH), HgS,H-! HgS%‘ HoHgSH Hg(SR), HgS,H! HgS%‘

Pore water

Sampling

Sum

date
May 2005

Jul 2005

2293

242
0.26

0.13
0.06

—1.05
—0.86
—1.65
—0.42
—1.11
-0.53
—1.52
—0.66
—0.25
-1.77
—0.42
-2.89
—0.31
—0.25
—8.37
-1.27

21.43

15.51
30.30
22.68

0.00 0.00 0.00
0.00 0.00
20.54

0.00

6.41
491

0.06 0.00 0.20 3.08 0.00
0.00 0.08 0.31 0.00

0.08

15.14
10.13

14.97
29.17

3.37
591

22.72
19.51
23.83
26.36

0.26
0.30
0.02
0.40
0.64
0.01
0.00

0.25
0.16
0.06
0.25
0.55
0.00
0.00

23.71
26.69
4.01
6.16

0.01 0.01 0.29 0.25 0.00 7.59 0.00 0.00 0.00
17.98 0.03 0.00 0.27 0.42 0.00 291 0.00 0.00 0.00
10.88 0.01 0.00 0.06 0.02 0.00 5.03 0.00 0.00 0.00
0.02 0.00 0.41 0.54 0.00 3.45 0.00 0.00 0.00
0.01 0.01 0.74 0.73 0.00 8.20 0.00 0.00 0.00
0.09 0.00 0.01 0.02 0.00 5.86 0.00 0.00 0.00
0.09 0.00 0.00 0.00 0.00 1.66 0.00 0.00 0.00

18.04
16.85
4.12
4.59

16.31

0.24 0.43  50.06
32.41

51.16
31.56

0.06 0.00 0.21 0.30 0.00 6.08 0.00 0.00 0.00
59.37

20.34
11.20

59.00
27.69
3.98

47.00
31.54

0.48
1.65
0.02
0.00
0.06

0.79
0.87
0.03
0.00
0.10

4.23
55.20
32.70

0.60 0.30 0.00 1.28 0.00 0.00 0.00
0.43 0.69 0.00 5.79 0.00 0.00 0.00
0.02 0.01 0.00 0.73 0.00 0.00 0.00 27.95
0.00 0.00 0.00 2.66 0.00 0.00 0.00
0.04 0.02 0.00 14.10 0.00 0.00 0.00

0.02
0.00
0.00
0.00
0.00

0.00
0.03
0.07
0.01
0.10

13.85
6.95
5.15

10.80

LcCovoorroD-oD-aoaooaano A
——

Sep 2005
Apr 2006
Jul 2006
Jul 2005
Sep 2005
Apr 2006
Jul 2006
Jul 2005

Sep 2005
Apr 2006
Jul 2006
Jul 2006
Jul 2006
Jul 2006

0.07

0.03

16.81 0.03 0.00 0.04 0.07 0.00 5.59 0.00 0.00 0.00

14




Concentrations and diffusive fluxes of dissolved MeHg species estimated in pore water and bottom water of the study site, separated by station and cruise. The

Table 7.
diffusive flux rates were estimated by applying separate diffusion coefficients for each complex, and summing the individual fluxes.

MeHg concentration (pmol L—1)

Flux (pmol m—2 d—1)

Bottom water

Pore water

Sampling

Sum

MeHgCl

MeHgSH MeHgSR

MeHgS—

Station MeHgS— MeHgSH MeHgSR MeHgCl MeHgS—- MeHgSH MeHgSR MeHgCl

date

0.04 0.00 0.39

0.07
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0.57
2.22
0.77
1.42
1.32
0.89
0.17
0.08
0.15
0.93
2.11
0.60
0.05
0.71
0.51

0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00
—0.05
0.00

0.09
0.13
0.06
0.14
0.05
0.02
0.07
0.05
0.01
—0.02
0.12
0.19
0.02
0.13
0.10

0.05
0.74
0.16
0.80
0.36
0.29
0.02
0.01
0.03
0.46
0.46
0.19
0.03
0.29
0.30

(Benoit et al. 2009), and Chesapeake Bay (Hollweg et al.
2009), with similar methods, and more than an order of
magnitude lower than those estimated at other sites (Mikac
et al. 1999; Hammerschmidt and Fitzgerald 2008), as
outlined in Table 8. The differences in flux estimations were
primarily driven by differences in measured pore-water
concentrations across sites, as the diffusive flux coefficients
(D,,) used in these other studies were similar to or lower than
what was used in this study. However, it is obvious that there
are many inconsistencies within these diffusive flux calcula-
tions between studies, with variations in the values used for
the coefficients such as D,, and Ax (the average depth of the
pore-water sample).

To assess the role of the continental shelf and slope in
the Hg(Il) and MeHg ocean budgets, it is possible to
integrate the calculated diffusive flux over the entire shelf
area of the world’s ocean. However, it should be noted that
this is a minimum estimate of the flux from bottom
sediments since measured fluxes are almost always sub-
stantially greater than the calculated diffusive flux (Ta-
ble 8) because of other physical and biological processes,
such as advection, bioturbation, bioirrigation, and resus-
pension (Schnoor 1996). Although no benthic flux mea-
surements for Hg have been performed at our study area,
similar conclusions have been reached for the flux of other
compounds measured from the Atlantic continental shelf
and slope. For example, the total measured DOC flux was
~ 10X higher than the calculated diffusive flux from the
permeable sediments in the mouth of Chesapeake Bay
(Burdige et al. 2004), the measured Si(OH), and NH4*
fluxes were, on average, ~ 30X higher than the calculated
diffusive fluxes from sediments on the southern Atlantic
Bight (Jahnke et al. 2005), and the measured dissolved
inorganic carbon flux was ~ 2X higher than the calculated
diffusive flux from sediments on the mid-Atlantic conti-
nental slope (Thomas et al. 2002). In Boston Harbor
sediments, MeHg fluxes measured in core incubations were
roughly an order of magnitude higher than calculated
diffusive fluxes, and were directly related to the density of
benthic infauna (Benoit et al. 2009).

Using the area of the shelf and slope above 1000-m depth
(3.5 X 1013 m2; calculated with MATLAB mathematical
computing software), the diffusive inputs of Hg(II) and
MeHg from the sediments of the shelf and slope to the
coastal ocean would be 0.37 and 0.01 Mmol yr—1, respec-
tively. The calculated area is ~ 10% of the total area of the
world’s oceans (~ 3.5 X 104 m2). The flux estimate for
total Hg is similar to that of Cossa et al. (1996), who
estimated the input at 0.5 Mmol yr—! for the coastal zone
(estimated as 10% of the total sedimentary input). For
MeHg, the authors derived a much lower value, but these
earlier estimates were based on limited knowledge of the
concentrations of MeHg in shelf sediment pore waters and
overlying waters.

For the Hg(Il) budget, the diffusive input is small
relative to other loading terms to the shelf, such as riverine
input (~ 2.9 Mmol yr—!; Sunderland and Mason 2007) and
wet plus dry atmospheric deposition (1.5-3 Mmol yr—1).
The deposition estimate is based on 10-20% of the total Hg
load in Mason and Sheu (15.4 Mmol yr—1; 2002), given that
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the Hg concentration in coastal rain is likely elevated
compared with that of the open ocean. These inputs are
similar to those estimated by Cossa et al. (1996), with riverine
input at ~ 4.8 Mmol yr—! and atmospheric deposition at ~
2 Mmol yr—!. In addition, the diffusive input is similar, but
lower, than the estimated Hg sedimentation load to the shelf
(1 Mmol yr—!; Sunderland and Mason 2007).

For the MeHg budget, this minimum diffusive input is
on the same order as other loadings to the shelf region,
such as riverine input (0.029 Mmol yr—!; assuming 1%
MeHg in the riverine Hg input estimates of Sunderland and
Mason [2007]) and atmospheric wet plus dry deposition
(0.008-0.015 Mmol yr—1, assuming 0.5% MeHg in depo-
sition). These MeHg inputs are on the same order as those
estimated by Cossa et al. (1996), with riverine input at
~ 0.01 Mmol yr—! and atmospheric deposition at
~ 0.02 Mmol yr—1. It could be argued that as the diffusive
flux is roughly equivalent to the net sedimentation of
MeHg (0.01 Mmol yr—!, assuming 1% MeHg in settling
particles and the Hg sedimentation flux in Sunderland and
Mason 2007), there is no net production and export of
MeHg from these sediments. However, if we assume that
the diffusive input is underestimating the total MeHg load
by an order of magnitude because of other physical and
biological processes (discussed above), continental margin
sediments, at ~ 0.1 Mmol yr—!, become a major source of
MeHg to the coastal zone. The ratio of actual flux to the
calculated diffusive flux could be even higher, on the basis
of the studies in Table 8. Additionally, given the estimated
sedimentation input above, it is apparent that, on average
globally, the shelf and slope sediments are a net source of
MeHg to the ocean. This conclusion may not be valid for
all regions. For example, the modeling study of Sunderland
et al. (2010) actually reaches the opposite conclusion for the
dynamic system of the Bay of Fundy, in which the
sedimentary inputs from net in situ methylation are small
compared with other MeHg sources.

As discussed in the introduction, water-column methyl-
ation may be another significant source of MeHg in coastal
and open oceans, but remains poorly quantified. Most
observations of Hg methylation or MeHg maxima in the
marine water column have been associated with lower
oxygen concentrations (Mason and Fitzgerald 1993; Kirk
et al. 2008; Cossa et al. 2009) or depths below the photic
zone in horizons of high organic carbon remineralization
(Sunderland et al. 2009). These observations suggest that
MeHg production in the shallow, well-mixed water column
(< 20 m) of the shelf would be quite low. An exception is
the observation of MeHg in coastal surface waters of the
Mediterranean Sea (Monperrus et al. 2007a,b). However,
Whalin et al. (2007) were unable to detect Hg methylation
in mid-Atlantic continental shelf surface waters using stable
isotope incubation experiments similar to those used by
Monperrus et al. (2007a,b).

Our data show that shelf and slope sediments are areas
of significant MeHg production and input to overlying
waters. Rough budgets suggest that sediments are a major
source of MeHg to the continental shelves, and likely an
important source to blue waters. Direct flux measurements
are required to further quantify the importance of
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sediments to coastal and marine MeHg budgets, as
substantial physical and biological enhancement of the
dissolved MeHg flux is likely. As this study refers to a
specific marine system, we emphasize the need to expand
this research across a larger spatial scale, and in other
marine environments, to validate the preliminary scaling
estimates presented above. We conclude that the overall
cycling of MeHg across the sediment water interface, which
also includes sedimentation and resuspension, needs to be
considered in any estimation of the net input of MeHg from
sediments to the water column.
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